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Although microplastics (MPs) are distributed globally in the marine environment, a great
deal of unknowns relating to their ecotoxicological effects on the marine biota remains.
Due to their lipophilic nature, microplastics have the potential to adsorb persistent
organic pollutants present in contaminated regions, which may increase their detrimental
impact once assimilated by organisms. This study investigates the ecotoxicological
effects of exposure to low-density polyethylene (LDPE) microplastics (11–13µm), with
and without adsorbed contaminants (benzo[a]pyrene—BaP and perfluorooctane sulfonic
acid—PFOS), in the peppery furrow shell clam, Scrobicularia plana. Environmentally
relevant concentrations of contaminants (BaP−16.87 ± 0.22 µg g−1 and PFOS−70.22
± 12.41 µg g−1) were adsorbed to microplastics to evaluate the potential role of plastic
particles as a source of chemical contamination once ingested. S. plana were exposed
to microplastics, at a concentration of 1mg L−1, in a water-sediment exposure setup for
14 days. Clams were sampled at the beginning of the experiment (day 0) and after 3, 7,
and 14 days. BaP accumulation, in whole clam tissues, was analyzed. A multi-biomarker
assessment was conducted in the gills, digestive gland, and haemolymph of clams to
clarify the effects of exposure. This included the quantification of antioxidant (superoxide
dismutase, catalase, glutathione peroxidase) and biotransformation (glutathione-S-
transferases) enzyme activities, oxidative damage (lipid peroxidation levels), genotoxicity
(single and double strand DNA breaks), and neurotoxicity (acetylcholinesterase activity).
Results suggest a potential mechanical injury of gills caused by ingestion of microplastics
that may also affect the analyzed biomarkers. The digestive gland seems less affected
by mechanical damage caused by virgin microplastic exposure, with the MPs-adsorbed
BaP and PFOS exerting a negative influence over the assessed biomarkers in this tissue.
Keywords: polyethylene, benzo[a]pyrene, perfluorooctane sulfonic acid, DNA damage, oxidative stress,
neurotoxicity, oxidative damage
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INTRODUCTION
Advances in plastic production have resulted in more versatile,
lightweight, durable, and cheap plastics, which have become
incorporated in every part of our day-to-day lives (Andrady and
Neal, 2009). Yet, plastic is now a ubiquitous, long lasting source of
litter on the planet (Barnes et al., 2009). Since mass production of
plastic began in the 1940’s, annual production has increased from
∼5 Mt in the 1950’s to 322 Mt in 2015 (Plastics-the Facts, 2016).
Low density polyethylene (LDPE) is used in the production of
reusable bags and agricultural films, with its predominant use in
the food packaging industry (Andrady, 2003; Plastics-the Facts,
2016).
Macroplastics (>5mm) and their effect on the marine
environment have been studied for some years (Cole et al., 2011).
Due to their large size, being clearly visible they create “eyesores”
on the landscape and in the oceans as well as entangling and
endangering marine life. Estimates of the amount of plastic
currently residing in the oceans varies from 7,000 t (Cózar et al.,
2014), to over 250,000 t (Eriksen et al., 2014). In recent years
microplastics (MPs; <5mm) have become an area of concern
due to their ubiquitous distribution in the marine environment,
occurring in all geographical regions of the Oceans, including
the Arctic (Obbard et al., 2014), and Antarctica (Lusher, 2015).
The presence of microplastics have been reported in a wide
range of marine habitats - beach sediments (Thompson et al.,
2004), subtidal and benthic sediments (Barnes et al., 2009), deep-
sea sediments (Fischer et al., 2015), the water column, surface
waters (Hidalgo-Ruz et al., 2012), near densely populated areas
(Barnes, 2005), and even in remote island atolls where no input
or production of plastics occurs (McDermid and McMullen,
2004). Properties of plastic polymers, such as density, surface
charge and aggregation potential, as well as abiotic (oxidation,
weathering, and vertical mixing) and biotic factors (biofouling)
all contribute to the ubiquitous distribution of MPs within the
oceans (Lusher, 2015). Microplastics have been reported in 61%
of Portuguese water samples with higher concentrations in Costa
Vincentina (0.036 particles m−3) and Lisbon (0.033 particles
m−3) compared to the Algarve (0.014 particles m−3) and Aveiro
(0.002 particlesm−3) (Frias et al., 2014).Microplastic resin pellets
(3–6mm, 5% > 5mm) represented 53% of total marine debris
collected (1,289 items m−², 30 g m−²) in another study on the
Portuguese coastline, with 98% of marine debris being identified
as plastic (Antunes et al., 2013). In both cases, highermicroplastic
abundances were reported in proximity to urban, industrial, and
shipping areas.
MP ingestion, or uptake by other means, has been reported
in a variety of marine species including plankton, invertebrates,
fish, sea birds, marine mammals, and turtles (e.g., Browne et al.,
2008; Moore, 2008; von Moos et al., 2012; Galgani et al., 2014;
Avio et al., 2015, 2017; Lusher, 2015; Setälä et al., 2016; Lourenço
et al., 2017; Germanov et al., 2018; Kolandhasamy et al., 2018).
MPs may enter the base of the food chain through ingestion or
adsorption by phytoplankton and/or zooplankton (Lusher, 2015)
and trophic transfer has been reported (e.g., Farrell and Nelson,
2013). Commercial marine species which are eaten whole, such
as shrimps and bivalves, constitute a potential transfer pathway
of MPs from the marine environment to humans (Lusher, 2015;
Rochman et al., 2015; Santillo et al., 2017).
MP particle size plays an important role in their biological
fate within the marine environment. Impacts on the marine biota
may vary across the size spectrum of MPs. Large microplastics
(2–5mm) may take more time to pass from the stomach of
organisms, having the potential to be retained in the digestive
system. Toxicant adsorption, dependent on polymer type,
may occur with increased exposure time to plastics. Feeding
and digestion may occur with particles in the upper end
of the size spectrum (1–2mm) (Lusher, 2015). Small marine
invertebrates have been shown to actively ingest and egest
particles <20µm (Thompson et al., 2004; Lee et al., 2013).
Smaller size microplastics have larger effects on organisms at the
cellular level. In the micro- to nanometer range microplastics
have been shown to translocate and pass into cellularmembranes,
including the haemolymph (Browne et al., 2008; Ribeiro et al.,
2017), and the lysosomal system (vonMoos et al., 2012) ofmarine
invertebrates.
Many additives are added in the production of plastics,
which give them various desirable qualities and enhance
their performance (Andrady and Neal, 2009). Many of the
additives have known or suspected toxicity, containing persistent
organic pollutants (POPs), synthetic organic compounds of
anthropogenic origin. POPs are chemically stable and do not
easily degrade in the environment. Plastics are known to sorb
hydrophobic chemical contaminants from the surrounding sea
water, and have been shown to concentrate them (Mato et al.,
2001; Rios et al., 2007; Barnes et al., 2009; Wu et al., 2016; Zhang
et al., 2018). Degradation of MPs to smaller plastic particle sizes
adds more surface area to sorb contaminants. The combination
of increased surface area due to weathering, long exposure times
in the marine environment, and the hydrophobicity of organic
xenobiotics may facilitate adsorption of these contaminants to
MPs at concentrations significantly higher than those detected in
seawater (Ogata et al., 2009; Antunes et al., 2013). Hence, MPs
are vehicles for organic pollutants to enter marine organisms
(Besseling et al., 2013; Bakir et al., 2014, 2016; Chua et al.,
2014; Ziccardi et al., 2016; Hartmann et al., 2017; Rainieri
et al., 2018) Under laboratory conditions, various polymer
particles have been shown to adsorb chemical pollutants from
the surrounding environment, with PE, PVC, PP, and PS
displaying high sorption capacity for polycyclic aromatic
hydrocarbons (PAHs), dichlorodiphenyltrichloroethane
(DDT), hexachlorocyclohexanes, chlorinated benzenes, musks,
pharmaceuticals, personal care products (Bakir et al., 2012; Lee
et al., 2014; Wu et al., 2016; Ziccardi et al., 2016; Hartmann et al.,
2017; Zhang et al., 2018). Various organic pollutants, including
PAHs, polychlorinated biphenyls (PCBs), organo-halogenated
pesticides, nonylphenol, and dioxins have been detected in plastic
pellets from beaches worldwide (Ogata et al., 2009; Avio et al.,
2015). Contamination in, and concentration of pollutants on
MPs are of great importance as MPs may be ingested by marine
organisms with contaminants having the potential to desorb and
accumulate in fatty tissues due to their lipophilic nature, posing
a long-term risk to the environment (Mato et al., 2001; Rios
et al., 2007; Besseling et al., 2013; Avio et al., 2015; Bakir et al.,
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2016; Ziccardi et al., 2016; Batel et al., 2018). Exposure to organic
chemicals adsorbed to MPs revealed biomarker responses at
cellular and sub-cellular level, such as alterations in oxidative
stress, immune and neurological responses, and gene expression
profiles (Browne et al., 2013; Oliveira et al., 2013; Rochman
et al., 2014; Avio et al., 2015; Paul-Pont et al., 2016). In mussels
exposed to PS MPs with adsorbed fluoranthene, an increase in
reactive oxygen species production in hemocytes was noted,
along with high activities of anti-oxidant and glutathione-related
enzymes (Paul-Pont et al., 2016). In another study with mussels
exposed to PS and PE with adsorbed pyrene, negative, and
greater effects were noted, when comparing with MPs without
adsorbed chemicals, inducing changes in immune responses,
antioxidant enzyme activities, neurotoxic, and genotoxic effects
(Avio et al., 2015).
Known for its pro-carcinogenic properties, benzo[a]pyrene
(BaP) (C20H12) is thought to be one of the most toxic PAHs
and is classified by the International Agency for Research on
Cancer as a group 1 human carcinogen (IARC, 2011; Liu et al.,
2015; Châtel et al., 2017). Formed through the incomplete
pyrolysis of combustible organic material, the main sources are
anthropogenically derived from fossil fuel combustion, waste
incineration, and oil spills. PAHs emitted, as soot or gas, to the
atmosphere, enter the marine environment through rain and
surface run-off (Antunes et al., 2013; Liu et al., 2015; Châtel
et al., 2017). BaP is ubiquitously distributed in coastal andmarine
environment (Antunes et al., 2013; Liu et al., 2015; Châtel et al.,
2017) and has been used as a model to investigate the effects
and metabolic pathways of PAHs in marine organisms (Liu et al.,
2015).
Perfluorooctane sulfonic acid (PFOS) has been classed as
an emerging chemical of concern, along with its precursors—
perfluoroalkylated acids, and is classified as a POP under
the Stockholm Convention (Paul et al., 2009). Environmental
contamination of PFOS may occur in two ways, either through
direct release to the environment during manufacture and
application, or indirectly, through degradation from precursor
compounds. Under environmental conditions PFOS does not
hydrolyse, photolyze, or biodegrade. Considered a widespread
contaminant, PFOS has been recorded globally in seawater,
human blood, and in the biota (Giesy and Kannan, 2001;
Kannan et al., 2001; Yamashita et al., 2005). The chemical
properties of PFOS, including high water solubility and
negligible vapor pressure, imply that it will reside in surface
waters once released into the environment (Paul et al., 2009).
Although limited information is available on the volume of
PFOS, and its precursors, released into the environment,
empirical oceanographic data estimates that ∼235–1,770 t of
PFOS currently reside in oceanic surface waters (Paul et al.,
2009). PFOS has been shown to bioaccumulate and biomagnify
to higher trophic levels (Giesy and Kannan, 2001). Unlike
other POPs, PFOS does not accumulate in fatty tissues,
but binds to the protein albumin, mainly present in blood,
liver, and eggs. As such the behavior of PFOS within the
body is similar to that of fatty acids, with hydrophobic
interactions playing a role in bioaccumulation (de Vos et al.,
2008).
Scrobicularia plana is an environmentally relevant species to
use as a bioindicator for evaluating the health status of coastal
and estuarine ecosystems (Mouneyrac et al., 2008), playing a key
role in their structure and functioning (Châtel et al., 2017). As
burrowing deposit filter feeders, clams can assimilate particles,
and associated contaminants, from both the sediments and the
water column. Being positioned at the base of the food web,
the clam is an important food source for crabs, fish, birds, and
increasingly for human consumption (Rodríguez-Rúa et al., 2003;
Langston et al., 2005, 2007).
In the present study, a battery of biochemical, cellular,
and physiological biomarkers was analyzed in order to
characterize the ecotoxicological potential of both virgin and
contaminated LDPE microplastics, in the gills, digestive gland,
and haemocytes of the peppery furrow shell clam, S. plana.
Environmentally relevant concentrations of known marine
contaminants, benzo[a]pyrene (BaP), and perfluorooctane
sulfonic acid (PFOS), were adsorbed to microplastics to
address both the potential for plastic particles to act as a
vector of chemical exposure once ingested, and evaluate
the effect of each respective contaminant. To clarify any
effects of exposure, a set of biomarkers were employed,
including the quantification of antioxidant (superoxide
dismutase—SOD, catalase—CAT, glutathione peroxidase—
GPx) and biotransformation (Glutathione-S-transferases—GST)
enzyme activities, which play a role in detoxification under
conditions of oxidative stress; lipid peroxidation (LPO)
levels, indicative of oxidative damage; single and double
strand DNA breaks to evaluate genotoxicity; the activity
of the enzyme acetylcholinesterase (AChE), involved in
neuro- and neuromuscular transmission; and the condition
index, evaluated to assess the overall health status of the
organisms.
MATERIALS AND METHODS
Preparation and Characterization of
Microplastics
Non fluorescent, low-density PE microparticles (0.96 g cm−3),
MPP-635G (11–13µm) were purchased from Micro Powders
Inc. (NY-USA). Microplastics were spiked with BaP using
125 g L−1 of plastic, weighed into separate 250mL narrow-
mouth Septa bottles (Thermo scientific) filled with double-
deionized water. Benzo[a]pyrene, CAS 50-32-8 (purity ≥ 96%)
was purchased from Sigma Aldrich, and a concentration of 2,500
µg L−1 was used. Bottles were placed on a rotary shaker for two
days at the lowest speed (20 rpm). Samples were filtered using a
ceramic funnel and glass microfiber filters (1.0µm, Whatman R©
glass microfiber filters, GE Healthcare Life Sciences). Samples
were rinsed with double-deionized water, dried by vacuum
evaporation and extracted in hexane (≥98%, SupraSolv). Extracts
were sonicated and centrifuged at 2000 RCF. Extracts were
filtrated trough fiberglass and transferred to toluene (purity 96%,
SOLVECO). The sample volume was reduced to 500 µL using a
nitrogen stream. Concentrations of BaP were quantified using a
high-resolution GC-MS system (Micromass Autopspec Ultima),
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separation on a 30m (0.25mm i.d., 25µm film thickness) DB-
5MS column (J&W Scientific, Folsom, USA). Details about the
instrumental method can be found in Larsson et al. (2013). As
an internal standard, benzo[a]pyrene-d12 in toluene was added
to the vial. Quantification was performed against perylene-d12
recovery standard, dissolved in toluene and purchased from
Chiron. Final concentration of BaP adsorbed to LDPE (11–
13µm) MP was 16.87 (±0.22) µg g−1.
For the preparation of PFOS-spiked MPs, 50 g L−1 of plastic
was weighed into a 1 L polypropylene bottle filled with 500mL
of double-deionized water. Heptadecafluorooctanesulfonic acid
potassium salt (CAS 2785-37-3, purity ≥98%) was purchased
from Sigma-Aldrich (Germany) and a concentration of 20mg
L−1 was used. The bottles were placed on a rotary shaker at
the lowest speed (20 rpm) for 7 days. Filtration of the samples
was performed using a funnel and glass microfiber filter (1.0µm,
Whatman R© glass microfiber filters, GEHealthcare Life Sciences).
Samples were rinsed with double-deionized water and dried by
vacuum evaporation on a ceramic funnel. MPs were extracted in
methanol (>99.9% purity, Fisher Scientific) by ultra-sonication
followed by centrifugation (7000 RCF). Extracts were filtrated
trough out a polyethylene syringe (Norm-Ject R©, 5mL, ref.4050-
000V0) with a filter of 0.2µm (AcrodiscGHP, 13mm, 0.2µm).
Recovery standard was added with a mobile phase methanol
and ammonium acetate (Fluka, Steinheim, Germany), 40%/60%
(v/v). Analysis was performed on an Acquity UPLC system
coupled to a Xevo TQ-S quadrupole mass spectrometer (Waters
Corporation, Milford, U.S.A.). PFOS were separated on 100mm
Acquity BEH C18 column (2.1, 1.7mm). Detailed description
of LC method and instrumental settings can be found in the
supplementary information of the publication by Eriksson et al.
(2016). Final concentration of PFOS adsorbed to LDPE (11–
13µm) MP was 70.22 (±12.41) µg g−1.
Experimental Design
Clams (S. plana, 4 cm ± 0.5 cm) were collected from Cabanas
de Tavira, Ribeira do Almargem, Southern Portugal (N
37◦7′59.75′′W 7 36′34.95′′), transported to the laboratory
alive, and acclimatized for 5–7 days in natural seawater, at
constant aeration with a photoperiod of 12 h light to 12 h dark.
Collection occurred in early February, during the period of
sexual inactivity. Post acclimation, clams were transferred to 25 L
aquaria containing a proportion of 1:4 of sediment/ seawater. The
height of the water column was 18 cm above the 5 cm of sediment
layer. Sediment, previously collected from the top 30 cm at the
same site, was passed through a 4mm sieve to remove any
macro-organisms and debris, and dried at 65◦C for 48 h to
remove organic matter, volatile compounds, and water (Maranho
et al., 2014). Sediment was rehydrated, to the same original
sediment moisture content (%) as when collected, calculated by
the difference in the wet weight of a known volume of sediment
after reaching constant dry weight at 65◦C.
The exposure experiment consisted of 8 aquaria (each
containing 85 clams), with 4 treatments (control, virgin LDPE,
BaP contaminated LDPE, and PFOS contaminated LDPE) in a
duplicate design. All aquaria, excluding the two controls, were
exposed to LDPE microplastics (11–13µm) at a concentration of
1mg L−1 for a duration of 14 days. The exposure to microplastics
was conducted by adding microplastics to the water column. The
mixing of microplastics in the entire water column was possible
(and visible) by the relatively strong aeration supplied to each
aquarium.
Water was changed every 72 h, with the subsequent re-
application of microplastics. Abiotic parameters; water
temperature (19.31 ± 0.21◦C), oxygen saturation (95.78 ±
1.77%), salinity (34 ± 1 ppt), and pH (8.05 ± 0.04), were
measured using a multiparametric probe (ODEON V3.3.0).
Mortality was observed in all aquaria, with the highest
being in the control and LDPE treatments (7%), followed by
LDPE+PFOS (5%), and LDPE+BaP (3%) treatments. Food
was not supplied during the exposure period to minimize
interactions of microplastics with other suspended particles.
Glass Pasteur pipettes were attached to the end of plastic aeration
tubes to avoid plastic contamination.
Individuals were randomly sampled from each aquarium
before the addition of microplastics (day 0), and after 3, 7,
and 14 days of exposure. Haemolymph was extracted from the
posterior adductor muscle of S. plana at each sampling time,
using a 1.5mm sterile hypodermic syringe with an attached
needle and used for genotoxic analysis. Gills and digestive
gland tissues were dissected immediately, flash-frozen in liquid
nitrogen and stored at −80◦C for later analysis. Whole clams, to
be used for chemical analysis, were frozen at−20◦C for chemical
analysis. Microplastics contents were not analyzed in the clams
tissues.
Tissue Chemical Analysis
BaP was quantified in the whole soft tissues of freeze-dried clams
using the method previously described by De Witte et al. (2014),
with some modifications. 6 clams per treatment and per time
(at days 0 and 14) were analyzed. Briefly, the samples were
extracted by accelerated solvent extraction (Dionex, ASE350),
using a mixture of hexane and acetone 3:1 at 100◦C. After two
evaporation steps, 5 µL of each sample was injected on a GC
(Agilent 7890A) equipped with a PTV-injector (Gertsel, 6495-U).
AnAgilent 5975CMS-detector with electron impact ionization in
single-ion mode was used for detection. As an internal standard,
chrysene-d12 in toluene was added to the vial. Quantification
was performed against benzo[a]pyrene-d12 recovery standard,
dissolved in iso-octane and purchased from LGC-standards.
The analysis is accredited by BELAC under the ISO/IEC 17025
standard, with a quantification limit of 1.65 ng g−1 dw.
Condition Index
The gravimetric condition index (CI) was assessed in 6
individuals per treatment, at each sampling time (day 0, 3, 7,
and 14 of exposure), to determine the physiological status of
both control and exposed clams. Tissues were dried at 80◦C until
a constant dry weight was achieved. The CI was estimated by
calculating the percentage (%) of the ratio between dry weight
of the soft tissues (g) and the dry weight (g) of the shell (Walne,
1976).
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DNA Damage
DNA damage was determined in 6 individuals per treatment and
per time (pre-exposure and 14 days exposure) using a slightly
modified alkaline comet assay (Singh et al., 1988) as described
by Almeida et al. (2013).
Post extraction, haemolymph cells were centrifuged at 3,000
rpm for 3min at 4◦C, and the supernatant removed. The DNA
pellet was re-suspended in phosphate buffered saline (PBS)
solution and low melting point agarose (LMA 0.65%, dissolved
in Kenny’s salt solution). DNA cell suspensions were cast on
microscope slides previously coated with normal melting point
agarose (NMA 0.65%, dissolved in Tris-acetate EDTA). One
slide, with two replicate agarose gels embedded with cells, was
prepared per sample. Slides were immersed in Lysis buffer
(2.5M NaCl, 100mM EDTA, 10mM Tris, 1% Sarcosil, 10%
Dimethylsulfoxide, 1% Triton X 100, pH 10) at 4◦C in the
dark for 1 h, enabling cell lysis. Microscope slides were rinsed
with ultrapure water (Milli-Q), placed in an electrophoresis
chamber, submerged in buffer (300mM NaOH, 1mM EDTA,
ultrapure water, pH > 13, at 4◦C) for 15min prior to running
the current, to allow DNA to unwind. Electrophoresis was run
under the following conditions: 25V, 300mA, for 5min. Slides
were removed, immersed in neutralization solution (0.4mMTris,
pH 7.5), rinsed with ultrapure water, and allowed to dry, in the
dark at room temperature. Once dry, slides were stained with
4,6-diamidino-2-phenylindole (DAPI). Each well was examined
using an optical fluorescence microscope (Axiovert S100),
under 400x magnification. 25 photographs of randomly chosen,
individual cell nuclei were taken from each well (50 for each
slide/sample), using a camera (Sony) attached to the microscope.
Photographs were analyzed using the Komet 5.5 image analysis
system (Kinetic Imaging Ltd). DNA damage was quantified by
measuring the displacement between the genetic material of the
cell nucleus (“comet head”) and the migrating comet “tail” with
both comet tail length and olive tail moment parameters assessed.
Results are expresses as mean± standard deviation (SD).
Antioxidant and Biotransformation Enzyme
Activity
Enzyme activities (SOD, CAT, GPx, andGST) were assessed in the
gills and digestive gland tissues of 6 individuals per treatment, at
each sampling time (0, 3, 7, and 14 days). Tissues were defrosted,
weighed and homogenized, on ice, in 5mL of Tris sucrose buffer
(Sucrose 0.5M, Tris 20mM, KCL 0.5M, DTT 1M, EDTA 1mM,
at pH 7.6). The homogenate was centrifuged at 500 × g, at 4◦C
for 15min. The supernatant was separated and re-centrifuged
at 12,000 × g, at 4◦C for 45min. The cytosolic fraction was
divided into 5 aliquots, stored in Eppendorf tubes and frozen
at −80◦C for the determination of SOD, CAT, GPx, and GST
activities as well as total protein concentrations. Percentage
inhibition in the reduction of cytochrome c by the superoxide
anion generated by the xanthine/hypoxanthine system, measured
at 550 nm (McCord and Fridovich, 1969) was used to determine
SOD activity, expressed in Units (U) mg−1 of total protein
concentration, where 1U of activity corresponds to the amount
of sample required to cause 50% inhibition. CAT activity was
determined bymeasuring the consumption of hydrogen peroxide
(H2O2) at 240 nm, as described by Greenwald (1987), with results
expressed as µmol min−1 mg−1 of total protein concentration.
GPx activity was determined through the reduction in NADPH,
in the presence of glutathione reductase (GR) and reduced
glutathione (GSH) using a cumene hydroperoxide probe
(Lawrence and Burk, 1978). Measured at 340 nm, the decrease
in NADPH is directly proportional to GPx activity. Results are
expressed as nmol min−1 mg−1 of total protein concentration.
GST activity was determined by the conjugation of 1-chloro 2,4
dinitrobenzene (CDNB) with reduced glutathione (GSH) with
the resulting increase in absorbance measured at 340 nm (Habig
and Jakoby, 1981). Results are expressed in nmol CDNB min−1
mg of total protein concentration.
Acetylcholinesterase (AChE) Activity
AChE activity was assessed in the gills of 6 individuals per
treatment, at each sampling time (day 0, 3, 7, and 14)
following the protocol modified from Ellman’s colorimetric
method (Ellman et al., 1961). Tissues were defrosted, weighed
and homogenized, on ice, in 5mL of Tris HCL buffer
(100mM, pH 8.0) and 50 µL of Triton—X 100 (0.1%). The
homogenate was centrifuged at 12,000 × g, at 4◦C for 30min.
Acetylthiocholine degradation rate was determined through the
increase in 5-mercapto-2-nitrobenzoate, a compound of yellow
color produced due to the non-enzymatic reaction of thiocoline
with 5,5′-dithio-bis (2- nitrobenzoic acid). Absorbance was read
at 405 nm and results expressed in nmol ACTCmin−1 mg of total
protein concentration.
Lipid Peroxidation (LPO)
LPO levels were quantified in gill and digestive gland tissues
of 6 clams per treatment, at each sampling time (0, 3, 7,
and 14 days of exposure) following the colorimetric method
described by Erdelmeier et al. (1998). Tissues were defrosted,
weighed and homogenized on ice, in 5mL of Tris HCL buffer
(0.02M, pH 8.6) and 50 µL of butylated hydroxytoluene solution
(BHT). The homogenate was centrifuged at 30,000 × g, at
4◦C for 45min. Lipid peroxidation levels were determined
through the quantification of malondialdehyde (MDA) and 4-
hydroxyalkenals (4-HNE) concentrations upon decomposition
by polyunsaturated fatty acid peroxides. Supernatant (200 µL)
was mixed with 1-methyl-2-phenylindone diluted in methanol
(650 µL), and methanesulfonic acid (150 µL, 15.4M), and
incubated at 45◦C for 60min. Following incubation, the mixture
was centrifuged at 15,000× g, at 4◦C for 10min. Absorbance was
read at 586 nm and results expressed in nmol of MDA mg −1 of
total protein concentration.
Total Protein Concentration
Total protein concentrations were determined in the cytosolic
fraction of gill and digestive gland tissues, of 6 individuals per
treatment and per sampling time (0, 3, 7, and 14 days), post
homogenisation, using the Bradford Assay (Bradford, 1976).
Concentrations (mg ml−1) were used to normalize enzyme
activities and LPO levels.
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Statistical Analysis
Analyses were performed using R 3.3.1 software (R Core Team,
2016). Data are expressed as mean ± SD. Biomarker results
were compared using two-way ANOVA, with polymer type and
time as variables. Significant ANOVA results were analyzed
using Tukey’s HSD test. Chemical concentrations in tissues
were compared using the non-parametric Mann–Witney U-
test. A p-value ≤ 0.05 was considered statistically significant.
Principal component analysis (PCA) was used to evaluate the
relationship between biomarkers, BaP concentration, and the
different treatments along the exposure period per contaminated
LDPE MP.
RESULTS
Condition Index
The CI of the organisms’ pre-exposure (day 0) was 7.7± 2.7%. No
significant differences were found between control (7.6 ± 0.4%)
and virgin MP treatments (7.7 ± 0.3%) (p > 0.05), nor between
virgin MP and contaminated MP treatments (LDPE+BaP 7.4 ±
0.5%, LDPE+PFOS 7.4± 0.9%, p> 0.05). No significant changes
were observed between sampling times of the same treatment
(p > 0.05). Results, expressed as treatment means± SD, indicate
that S. plana clams remained in good health for the duration of
the experiment.
Virgin LDPE MP
Genotoxic effects, analyzed using the alkaline comet assay, for
control and virgin LDPE treatments are displayed in Figure 1,
with results expressed as comet tail length and olive tail moment.
No significant differences were found between virgin LDPE and
control treatments, nor between different time points of the same
treatment, when quantifying DNA damage through the resulting
comet tail length or OTM (Figure 1) (p > 0.05).
No significant differences were found between virgin LDPE
and control treatments, neither through time, when quantifying
SOD activity in the gills of S. plana (p > 0.05) (Figure 2A). A
significant difference in digestive gland SOD activity occurred
between treatments with the control displaying significantly
higher activities than the virgin LDPE after 3 days of exposure
(p < 0.05). SOD activity in the digestive gland of virgin
LDPE treatments remained unchanged over time (p > 0.05)
(Figure 3A).
A tissue specific response is observed in CAT activity, with a
2 to 3-fold higher activity in the digestive glands relative to gills,
for both treatments (control and virgin LDPE) (Figures 2B, 3B).
Exposure to virgin LDPE caused a significant increase in CAT
activity in gill tissues after 3 days, significantly differing to the
control at this time (p < 0.05) (Figure 2B). CAT activity in the
gills subsequently decreased at day 7 and 14, with a significant
difference occurring between tissues exposed to virgin LDPE
after 3 days of exposure and both these times (p < 0.05). No
significant differences were observed in CAT activity of digestive
gland tissues between control and virgin LDPE treatments, nor
over time for either treatment (p > 0.05) (Figure 3B).
GPx activity was highly variable among tissues and treatments,
being null in gill tissues at day 3 for all treatments and control
FIGURE 1 | DNA damage (mean ± SD) in the haemocytes of S. plana,
expressed as Tail length (µm) (A) and OTM (B) for control, virgin LDPE,
LDPE+BaP, and LDPE+PFOS treatments. Different capital letters indicate a
significant difference between treatments within the same time. Different
lowercase letters indicate a significant difference for the same treatment
between times (p < 0.05). a.u. = arbitrary units.
at day 7. A significant increase in GPx activity was observed
in the gill tissues of virgin LDPE treatment after 14 days of
exposure, relative to both pre-exposure and the control at day
14 (p < 0.05) (Figure 2C). In the digestive gland, a significant
decrease in GPx activity in virgin LDPE treatments is observed
after 7 days, remaining with similar levels at day 14 (p < 0.05),
when compared to day 3 (Figure 3C).
GST activity increases steadily in gill tissues of organisms
exposed to virgin LDPE during the experimental period
(Figure 2D). Relative to pre-exposure, a significant increase in
GST activity in the gills is first observed after 7 days (p < 0.05),
with a significant difference in activity occurring between day
14 and pre-exposure and day 3 (p < 0.05). Significantly higher
GST activity in the gills occur in virgin LDPE relative to control
after 14 days of exposure (p < 0.05) (Figure 2D). No significant
differences in GST activity in the digestive gland tissues were
observed between treatments within the same exposure time,
neither through time for each treatment (p > 0.05) (Figure 3D).
No significant differences were observed in AChE activities of
gill tissues between control and virgin LDPE treatments, nor over
time for either treatment (p > 0.05) (Figure 2E).
LPO levels in gill tissues remained stable for both control and
virgin LDPE exposed treatments, until day 14 when a significant
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FIGURE 2 | SOD (A), CAT (B), GPx (C), GST (D), AChE (E), and LPO (F) activities/levels (mean ± SD) in gill tissues of S. plana for control, virgin LDPE, LDPE+BaP,
and LDPE+PFOS treatments. Different capital letters indicate a significant difference between treatments within the same time. Different lowercase letters indicate a
significant difference for the same treatment between times (p < 0.05).
increase occurred, with both increasing simultaneously
(p < 0.05) (Figure 2F). Levels significantly differ at this
time for both treatments in respect to all previous times
(p < 0.05). No significant difference in LPO levels in gill tissues
occurred between control and virgin LDPE treatments over the
2-week experimental period (p > 0.05) (Figure 2F). LPO levels
in digestive gland tissues remained stable for the duration of
the experiment in virgin LDPE exposed treatments (p > 0.05)
(Figure 3E). Significantly lower LPO levels were observed in
digestive gland tissues exposed to virgin LDPE on days 7 and 14
when compared to controls (p < 0.05) (Figure 3E).
BaP Contaminated LDPE MP
Background BaP contamination (<1.6 ng g−1 dw) occurred in
whole tissues of clams from all treatments (Figure 4), with levels
remaining stable over time in both control and virgin LDPE
treatments (p> 0.05). A significant increase in BaP concentration
in whole tissues occurred after 14 days exposure to LDPE+BaP
(p < 0.05), reaching 7.3± 2.0 ng g−1 dw (Figure 4).
The tail length of haemocyte cells was significantly higher
in LDPE+BaP treatments when compared to control after
14 days exposure (p < 0.05) (Figure 1A). When quantifying
DNA damage through OTM, significantly higher OTM values
were observed in LDPE+BaP treatments after 14 days of
exposure when compared to virgin LDPE (p < 0.05) (Figure 1B)
No significant differences were observed between times for
LDPE+BaP treatments for both tail length and OTM (p > 0.05).
An increase in SOD activity in the gills of S. plana was
noted after 3 days of exposure to LDPE+BaP, being significantly
higher after 7 days when compared to control and virgin
LDPE treatments (p < 0.05) (Figure 2A). This increase in
activity was also significantly higher when compared to time 0
(p< 0.05). SOD activity remained stable in digestive gland tissues
of LDPE+BaP treatments for the duration of the experiment
(p > 0.05) (Figure 3A).
CAT activity in the gills of organisms exposed to LDPE+BaP
remained stable during the experiment (p > 0.05) (Figure 2B).
A significantly higher activity occurs in virgin LDPE when
compared to LDPE+BaP treatments after 3 days of exposure
(p < 0.05). A significant increase in CAT activity in digestive
gland tissues of organisms exposed to LDPE+BaPwas noted after
14 days exposure, when compared to virgin LDPE (p < 0.05)
(Figure 3B). The increase in CAT activity in digestive gland was
also significantly higher in LDPE+BaP treatment after 14 days
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FIGURE 3 | SOD (A), CAT (B), GPx (C), GST (D), and LPO (E) activities/levels (mean ± SD) in digestive gland tissues of S. plana for control, virgin LDPE, LDPE+BaP,
and LDPE+PFOS treatments. Different capital letters indicate a significant difference between treatments within the same time. Different lowercase letters indicate a
significant difference for the same treatment between times (p < 0.05).
exposure when compared to the start and day 7 of exposure
(p < 0.05).
Exposure to LDPE+BaP did not induce a significant response
in GPx activity in gill tissues through time nor relative to control
and virgin LDPE (p > 0.05) (Figure 2C). A significant decrease
in GPx activity in the digestive gland tissues of LDPE+BaP
treatments occurs after 14 days exposure, when compared with
pre-exposure values and to control at this time (p < 0.05)
(Figure 3C). Significantly lower GPx activities were noted after
3 days exposure in LDPE+BaP when compared to virgin LDPE
(p < 0.05) (Figure 3C).
Exposure to LDPE+BaP induces a steady increase through
time in GST activity in gill tissues, with a significant increase
observed after 7 and 14 days, when compared to pre-exposure
(p < 0.05) (Figure 2D). After 14 days GST activities in gill tissues
are significantly higher in both virgin LDPE and LDPE+BaP
treatments than the control (p < 0.05). GST activity in the
digestive gland tissues remained stable over time in each
respective treatment and no significant differences were found
between treatment per exposure time (p > 0.05) (Figure 3D).
A significant increase in AChE activity in LDPE+BaP
treatments at day 14 of exposure was noted when compared
to other exposure times (p < 0.05) (Figure 2E). At this time,
LDPE+BaP AChE activity is significantly higher when compared
with both virgin LDPE and control treatments (p < 0.05).
Exposure to LDPE+BaP induced a significant increase in
LPO levels after 14 days in both gill and digestive gland tissues
(p < 0.05) (Figures 2F, 3E). Levels at this time significantly differ
to all previous times of LDPE+BaP exposure for both tissues
(p < 0.05). Significantly higher LPO levels after 14 days occurred
between LDPE+BaPwhen compared to control treatments in the
gills (p < 0.05) (Figure 2F), and between LDPE+BaP and both
the control and virgin LDPE treatments in the digestive gland
tissues (p < 0.05) (Figure 3E).
Principal component analysis was applied to BaP
concentration and biomarkers data for days 0 and 14, for all
treatments (control, virgin LDPE, and LDPE+BaP) (Figure 5).
The two principal components represent 87.3% of variation
within the data, with PC1 accounting for 54.6% and PC2 32.7%.
A clear separation exists between the control (T0 and T14) and
LDPE+BaP, and also for virgin LDPE treatment, after 14 days
exposure. PC1 is negatively determined by treatment LDPE+BaP
after 14 days exposure, with the remaining treatments being
placed on the positive side of the axis. BaP concentration is
positively related with LDPE+BaP treatment T14, as most of the
biomarkers analyzed, except GPx. Results obtained for AChE,
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FIGURE 4 | S. plana whole tissue BaP concentrations (ng g−1) in control,
virgin LDPE, and LDPE+BaP treatments. Different capital letters indicate a
significant difference between treatments within the same time. Different
lowercase letters indicate a significant difference for the same treatment
between times (p < 0.05).
FIGURE 5 | Principle component analysis (PCA) of a battery of biomarkers in
the gills (G), digestive glands (DG), and haemocytes (expressed as Tail and
OTM) of S. plana, in control (CT), virgin LDPE (V), and LDPE+BaP (BaP)
treatments, over the duration of the experiment, where T0 = day 1 and T14 =
day 14.
tail length, and also for LPO and CAT in the digestive gland are
strongly related to the concentration of BaP, determined in whole
tissue. A differential tissue response is noted with biomarkers
results for digestive gland remaining on the positive side of PC2
axis, while biomarkers data for gills remain on the negative side
of PC2. Control treatments appear on the positive side of axis for
PC2, while virgin LDPE remains on the negative side of the axis
that is positively influenced by most of the biomarkers responses
for gills (Figure 5).
PFOS Contaminated LDPE MP
No significant differences were observed between control
and LDPE+PFOS treatments, nor between virgin LDPE
and LDPE+PFOS treatments when quantifying DNA damage
through the resulting comet tail length or OTM (p > 0.05)
(Figure 1). LDPE+PFOS treatment after 14 days did not show
any significant difference when compared with pre-exposure
(p > 0.05).
A slight increase in SOD activity in the gill tissues was
observed following 7 days exposure to LDPE+PFOS but no
significant differences were noted when compared to pre-
exposure, neither with control or virgin LDPE treatments
(p > 0.05) (Figure 2A). SOD was significantly induced in
digestive gland tissues after 14 days exposure to LDPE+PFOS
when compared to previous exposure times (p < 0.05), with
activity being significantly higher than that of the virgin LDPE
treatment at this time (p < 0.05) (Figure 3A).
CAT activity in the gills of organisms exposed to LDPE+PFOS
remained stable during the experiment (p> 0.05) (Figure 2B). A
significant difference in activity occurs between virgin LDPE and
LDPE+PFOS treatments in gill tissues after 3 days of exposure,
following an increase of activity in tissues exposed to virgin
LDPE (p < 0.05). After 7 days exposure, a significant difference
is observed in CAT activity, of gill tissues, between the control
and LDPE+PFOS (p< 0.05) (Figure 2B). A significant difference
in CAT activity in the digestive gland of organisms exposed to
LDPE+PFOS occurs between day 7 and 14 of exposure, with
higher activities occurring at day 14 (p < 0.05), yet activities at
these times are comparable to both day 3 and pre-exposure levels
(p > 0.05) (Figure 3B). After 14 days of exposure significantly
higher CAT activity levels were found when compared to virgin
LDPE (p < 0.05) (Figure 3B).
GPx activity in gill tissues of virgin LDPE and LDPE+PFOS
treatments significantly differ after 7 days exposure, with
LDPE+PFOS inducing an increase in activity relative to virgin
LDPE (p < 0.05) (Figure 2C). Activity is significantly reduced
in gill tissues for LDPE+PFOS treatment by day 14 when
compared to day 7, with GPx activity comparable to pre-exposure
levels (p < 0.05). A significant difference in GPx activity in
the gills occurs between virgin LDPE and LDPE+PFOS at day
14 (p < 0.05) (Figure 2C). GPx activities remain stable for the
duration of the experiment in the digestive glands of organisms
exposed to LDPE+PFOS (p > 0.05) (Figure 3C). On day 14
significantly higher GPx activities are observed in digestive
gland tissues of LDPE+PFOS when compared to virgin LDPE
(p < 0.05) (Figure 3C).
When compared to pre-exposure, LDPE+PFOS treatment
induces a significant increase in GST activity in gill tissues after 7
days exposure with levels remaining high at day 14 (p < 0.05)
(Figure 2D). GST activities remain stable for the duration of
the experiment in the digestive glands of organisms exposed to
LDPE+PFOS (p > 0.05) (Figure 3D). No significant differences
are observed in digestive gland tissues between, control, virgin
LDPE, and LDPE+PFOS treatments (p > 0.05) (Figure 3D).
No significant difference in AChE activity in the gills
of S. plana exposed to LDPE+PFOS occurred during the
experimental period (p > 0.05) (Figure 2E). Likewise, no
significant differences were observed in AChE activity between
the different treatments at any exposure time (p > 0.05)
(Figure 2E).
LPO levels are comparable in both gill and digestive gland
tissues until day 7 of exposure when a > 2-fold increase in
LPO levels is observed in the gills of LDPE+PFOS treatments
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(Figures 2F, 3E). LPO levels in gill tissues at this time are
significantly higher than control and virgin LDPE treatments
(p < 0.05) (Figure 2F). In gills, LPO stabilizes between day 7 and
day 14 of exposure to LDPE+PFOS, being significantly higher
when compared to both pre-exposure and day 3 (p < 0.05)
(Figure 2F). LPO levels remain stable in digestive gland tissues
of LDPE+PFOS treatments until 14 days of exposure when a
significant increase is observed (p < 0.05) (Figure 3E). LPO
levels in digestive gland tissues of LDPE+PFOS treatments are
significantly higher at this time than in that of virgin LDPE
treatments (p < 0.05) (Figure 3E).
Principal component analysis was applied to all biomarkers
data for days 0 and 14, for all treatments (control, virgin LDPE,
and LDPE+PFOS) (Figure 6). 87.2% of the variation within
the data is explained by two principal components, with PC1
accounting for 53.3 and PC2 33.9%. PC1 is positively determined
by virgin LDPE treatment after 14 days exposure, with the
remaining treatments being placed on the opposite side of the
axis. A clear tissue specific biomarkers response is noted given the
separation by tissues observed in the PCA, with gills biomarkers
placed on the positive side of the PC1 axis and digestive gland
biomarkers agglomerated on the negative side of PC1 axis. Gill
biomarkers are positively related to virgin LDPE after 14 days of
exposure, while digestive gland biomarkers are positively related
to LDPE+PFOS after 14 days exposure, along PC1 axis. AchE and
DNA damage biomarkers have a similar response among them,
and positively related with pre-exposure (CT T0) and the positive
side of PC2 axis (Figure 6).
DISCUSSION
Microplastics are a major contaminant in the marine
environment and are bioavailable to benthic organisms.
Deposition of low density plastics may be biologically mediated,
through the formation of biofilms, through excretion in fecal
pellets, or caught in marine snow (Lobelle and Cunliffe, 2011;
Zalasiewicz et al., 2016). Deposition of low density plastics may
also occur because of density changes resulting from mineral
adsorption while in the water column (Corcoran et al., 2015).
Little information has been reported on the environmental
concentrations of microplastics < 50µm in size (Ribeiro et al.,
2017). As such, the question of an environmentally relevant
concentration of microplastics to be used in laboratory studies
may also vary. A concentration of 1mg L−1 was decided upon
to encompass measured environmental concentrations of MP in
both sediment and water compartments of the world’s Oceans.
A battery of biomarkers was used to assess the biological
effects and toxicity of LDPE microplastics in the gills,
digestive glands, and haemocytes of S. plana. The potential
for microplastics to act as a vector for chemical exposure
was investigated by comparing biomarker activities between
organisms exposed to virgin LDPE and contaminated LDPE
microplastics.
No significant enhancement in DNA strand breaks were
detected in the haemocytes of S. plana clams exposed to virgin
LDPE MP or to LDPE+PFOS MP (Figure 1). There is some
FIGURE 6 | Principle component analysis (PCA) of a battery of biomarkers in
the gills (G), digestive glands (DG), and haemocytes (expressed as Tail and
OTM) of S. plana, in control (CT), virgin LDPE (V), and LDPE+PFOS (PFOS)
treatments, over the duration of the experiment, where T0 = day 1 and T14 =
day 14.
evidence to suggest that exposure to LDPE+BaP MP induces
DNA damage after 14 days, yet the strength of these results is
low. The comet assay has been proven to be a robust, sensitive
and cost-effective tool for assessing genotoxicity in haemocyte
cells of S. plana (Petridis et al., 2009). Studies have indicated the
genotoxic potential of both virgin polystyrene MP in S. plana,
and virgin PE MP in M. galloprovincialis, through a significant
increase in DNA strand breaks in haemocyte cells (Avio et al.,
2015; Ribeiro et al., 2017).
Results indicate a time- and tissue-dependent oxidative
stress response that varies depending on treatment used and
biomarker investigated (Figures 2, 3). Antioxidant defence
systems, comprised of antioxidant enzymes such as superoxide
dismutase (SOD), catalase (CAT), and glutathione peroxidase
(GPx), play a crucial role in maintaining cellular homeostasis by
the removal of ROS (Jo et al., 2008).
A significant increase in SOD activity is observed in gill tissues
exposed to LDPE+BaP after 7 days when compared with pre-
exposure and with virgin MP treatment (Figure 2A). Such an
effect is only observed in the digestive gland tissues of organisms
exposed to LDPE+PFOS after 14 days (Figure 3A). An increase
in SOD activity is indicative of the first line of defence in
protecting tissues against oxidative stress. SOD, found in every
living organism that consumes oxygen, catalyzes the partitioning
of the superoxide anion radical (O2•−1) into hydrogen peroxide
(H2O2) and water, thus reducing the potential for oxidative
damage to occur (Jo et al., 2008). Results in the gill tissues of
contaminated MP treatments are comparable to those reported
for virgin PS exposure in the gills of S. plana by Ribeiro et al.
(2017). Exposure to virgin LDPE does not induce the same time
dependent increase in SOD activity, in either tissue, as exposure
to virgin PS at the same concentration, 1mg L−1 (Ribeiro et al.,
2017). As SOD activity remained stable for the duration of the
experiment in both gill and digestive gland tissues exposed to
virgin MP, and did not significantly differ to that of the control
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in the majority of cases, it may be hypothesized that the observed
increase results from the toxicity of the adsorbed contaminants.
The extent to which microplastics act as a vector for
contaminants once ingested by organisms within the marine
environment is still unclear, as in field conditions organisms may
accumulate the same chemical contaminants from other sources
(Oliveira et al., 2013). Laboratory studies have demonstrated
the desorption of contaminants from ingested microplastics,
including PCBs from ingested microplastics in shearwater chicks
(Teuten et al., 2009), yet it must be noted that in field conditions
environmental contaminants will rarely exist solely, but do so as
a mixture with varying concentrations. Before guideline values
for the environmental risk assessment of plastic debris can
be produced, further research is needed into the adsorption
and desorption kinetics of common marine contaminants to
various plastic polymers, and their effects on the marine biota
once ingested. The ecological impact of MP ingestion may be
significantly increased by desorption of toxicants. Desorption of
chemicals from ingested MP is dependent on the residence time
of the particles (Engler, 2012), which in turn is dependent on the
particle size (Lusher, 2015). PS MP particles have been shown to
accumulate in the digestive gland and gill tissues of S. plana in a
laboratory experiment by Ribeiro et al. (2017), residing in both
tissues for the 1 week depuration period investigated.
A 5-fold higher activity of CAT in the digestive gland
when compared to gills was noted in all treatments and times
(Figures 2B, 3B). The antioxidant enzyme CAT, prevents cellular
damage from ROS by reducing both endo- and exogenous
sources of H2O2 to H2O (Oliveira et al., 2009; Solé et al., 2009).
CAT induced activity was not observed in gill tissues of the
LDPE+BaPMP treatment, but an increase was noted after 7 days
of exposure to LDPE+PFOS when compared to control. In the
digestive gland an increase in CAT activity was noted after 14
days for both LDPE+BaP and LDPE+PFOS when compared to
virgin LDPE. Moreover, a significant induction in CAT activity
in gill tissues occurred after 3 days exposure to virgin LDPE MP,
with the activity being subsequently reduced over time reaching
levels comparable to pre-exposure by day 14. Previous studies
have observed an inhibition of CAT activity in response to MP
exposure, both in the digestive gland of S. plana exposed to PS
MP, and in the digestive gland of M. galloprovincialis exposed to
both virgin PE and PS, and pyrene contaminated PE and PS (Avio
et al., 2015; Ribeiro et al., 2017). It may be argued that CAT is not
the antioxidant defence mechanism used by S. plana in response
to PEMP exposure, or that 2 weeks exposure to both virgin LDPE
and contaminated LDPE MP, under the experimental conditions
observed, is not sufficient to induce a significant response.
A defence mechanism reaction to oxidative stress is suggested
by the significant increase in GPx activity in the gills of virgin
LDPEMP treatment by day 14 (Figure 2C). A significant increase
followed by a subsequent decrease in activity is observed in
the gills of LDPE+PFOS treatments (Figure 3C). Glutathione
peroxidases which catalyze the reduction of metabolically
produced H2O2 to H2O and O2, have been proven to be a
sensitive biomarker in revealing pro-oxidant challenges, even
at low levels of environmental contamination (Jo et al., 2008;
Regoli and Giuliani, 2014). Previous studies have shown that
an inhibition in GPx may occur in response to elevated
toxicity levels. Such inhibition was demonstrated in mussels
(M. galloprovincialis) exposed to virgin and pyrene contaminated
PE and PS MP (Avio et al., 2015). A similar trend was observed
in whole tissues of S. plana exposed to mercury, with higher
mercury levels inhibiting GPx activity (Ahmad et al., 2011). This
hypothesis—that an inhibition of GPx activity occurs due to the
inability to process excess ROS—may explain the antagonistic
effects observed in the fore-mentioned treatments.
A tissue dependent response was observed in regard to GST,
with the digestive gland displaying little variation in activity
(Figures 2D, 3D). An increase in GST activity in gill tissues
is observed in all MP treatments over time, although less
pronounced in LDPE+PFOS. Gill tissues, being the major organ
involved in filtration, have been demonstrated to be the first site
of MP particle uptake in mussels (Browne et al., 2008; von Moos
et al., 2012; Ribeiro et al., 2017), with S. plana also ingesting
particles through the inhalant siphon, which are subsequently
transported to the mouth and digestive gland (Hughes, 1969).
A similar increase in GST activity in the gills of S. plana
has been described by Ribeiro et al. (2017) in response to PS
MP exposure. GST activity has also been reported to increase
in the gills of M. galloprovincialis following exposure to the
persistent organic pollutant pp’DDE (2,2-bis-(p-chlorphenyl)-
1,1-dichlorethylene), a metabolite of DDT (Khessiba et al.,
2001). The phase two enzymes, glutathione-S-transferases (GST),
play an important role in cellular protection against various
xenobiotics and toxic endogenous substances by converting
reactive lipophilic molecules into non-reactive water-soluble
molecules which can be excreted by the organism (Hoarau et al.,
2002). As a significant increase in GST activity in gill tissues of
contaminated LDPE MP treatments compared to virgin LDPE
MP is not observed, it may be hypothesized that synergistic effects
of ingestion and chemical exposure did not occur, indicating
that the overall increase in activity with time results from the
physical ingestion of MP, rather than the chemical toxicity of the
respective contaminants.
It may be hypothesized, from the overall results on oxidative
stress biomarkers, that ROS are produced as a result of short term
exposure to both virgin LDPE and contaminated microplastics.
Such stress may lead to lipid peroxidation, protein denaturation
as well as cellular and DNA damage (Jo et al., 2008).
Inhibition of AChE activity did not occur in any of the
MP exposed treatments (Figure 2E), with LDPE+BaP MP
treatments showing a significant increase after 14 days of
exposure. In contrast, a reduction in AChE activity in gill
tissues of S. plana was observed following 2 weeks exposure
to polystyrene microplastics at similar concentrations (Ribeiro
et al., 2017). Previous studies have indicated that a reduction
in AChE activity in the gills of mussels (M. galloprovincialis)
occurred upon 7 days exposure to polystyrene and polyethylene
microplastics, with and without pyrene contamination (Avio
et al., 2015). Comparisons between these, and other MP feeding
experiments, are confounded by numerous factors: different
species used, different polymer concentrations used (1.5 g L−1
by Avio et al., 2015 compared to 1mg L−1 in this experiment,
a difference of 1500x), different polymer type (when comparing
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polyethylene, densities, and sizes differ), different contaminants
used and different exposure times. Exposure to polyethylene
microplastics, with and without added pyrene have also shown
to significantly reduce AChE activity in juveniles of the
common goby, Pomatoschistus microps (Oliveira et al., 2013). No
significant changes occur in AChE activity in either virgin LDPE
or LDPE+PFOS MP treatments, suggesting that a neurotoxic
potential of LDPE MP without adsorbed contaminants does
not exist under the experimental conditions of the present
study.
There is a clear effect of lipid peroxidation in the gills of
organisms exposed to LDPE+BaP by day 7, when compared
to both control and virgin LDPE, with a similar effect
in the digestive gland of organisms exposed for 14 days
to LDPE+adsorbed chemicals (Figures 2F, 3E). An increase
in lipid peroxidation may result from inefficient oxidative
stress reduction mechanisms in the processing of excess
ROS. This may, in part, explain the inhibition of both
CAT and GPx, due to an inability to respond to elevated
ROS levels. In contrast to the results of this experiment,
levels of oxidative damage were reduced in the gills of
S. plana exposed to PS MP at similar concentrations, and
showed no significant changes over time in digestive gland
tissues (Ribeiro et al., 2017). No increase in LPO levels was
reported in tissues of the common goby, P. microps, following
exposure to both PE MP and pyrene contaminated PE MP,
at a concentration of 18.4 and 184 µg L−1 (Oliveira et al.,
2013).
Results from the PCA for BaP (Figure 5), taking into account
the biomarkers analyzed, and the determined concentration
of BaP in the tissues, reveal that most biomarkers are more
positively related with the LDPE+BaP treatment than to
virgin LDPE. Still, it appears that gills are more influenced
by virgin LDPE than are digestive gland tissues. Similarly,
in the PCA for PFOS (Figure 6), virgin LDPE is in the
opposite side of LDPE+PFOS in the axis for PC1, with gills
biomarkers more related to virgin LDPE and digestive gland
more related to LDPE+PFOS. This may be a result of potential
mechanical injury of gills that may also affect the analyzed
biomarkers, but more importantly that digestive glands are
apparently less affected by potential mechanical damage cause by
microplastics alone but more influenced by the presence of the
contaminants.
CONCLUSION
A tissue specific response in oxidative stress was observed
due to LDPE MP exposure, with each respective LDPE+BaP
and LDPE+PFOS exhibiting varied response per biomarker
investigated. Oxidative damage was observed in all microplastics,
with adsorbed BaP and PFOS, treatments in both digestive
gland and gill tissues. The digestive gland seems less affected
by mechanical damage caused by virgin LDPE exposure, with
the MP-adsorbed BaP and PFOS exerting a negative influence
over the assessed biomarkers in this tissue. It is clear that further
research is needed into the ecotoxicological effects of MP in the
marine environment with the potential for MP with adsorbed
chemicals to desorb once ingested and their subsequent mode of
action within organisms being of particular concern.
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